Abstract Plant invasions often involve rapid evolutionary change. Founder effects, hybridization, and adaptation to novel environments cause genetic differentiation between native and introduced populations and may contribute to the success of invaders. An influential idea in this context has been the Evolution of Increased Competitive Ability (EICA) hypothesis. It proposes that after enemy release plants rapidly evolve to be less defended but more competitive, thereby increasing plant vigour in introduced populations. To detect evolutionary change in invaders, comparative studies of native versus introduced populations are needed. Here, we review the current empirical evidence from: (1) comparisons of phenotypic variation in natural populations; (2) comparisons of molecular variation with neutral genetic markers; (3) comparisons of quantitative genetic variation in a common environment; and (4) comparisons of phenotypic plasticity across different environments. Field data suggest that increased vigour and reduced herbivory are common in introduced plant populations. In molecular studies, the genetic diversity of introduced populations was not consistently different from that of native populations. Multiple introductions of invasive plants appear to be the rule rather than the exception. In tests of the EICA hypothesis in a common environment, several found increased growth or decreased resistance in introduced populations. However, few provided a full test of the EICA hypothesis by addressing growth and defence in the same species. Overall, there is reasonable empirical evidence to suggest that genetic differentiation through rapid evolutionary change is important in plant invasions. We discuss conceptual and methodological issues associated with cross-continental comparisons and make recommendations for future research. When testing for EICA, greater emphasis should be put on competitive ability and plant tolerance. Moreover, it is important to address evolutionary change in characteristics other than defence and growth that could play a role in plant invasions.
Introduction
As a result of global trade and transport, the number of plant species introduced to novel areas by humans has increased dramatically. Some of these species become very abundant in their introduced range and cause serious environmental and economic problems. They can outcompete native species, and change the structure and functioning of native communities and ecosystems (Vitousek et al. 1996; Mack et al. 2000; Levine et al. 2003) . Biological invasions are therefore regarded as one of the greatest current threats to global biodiversity (Sala et al. 2000) . Moreover, some introduced species cause major economic problems in agriculture and forestry (Perrings et al. 2000; Pimentel et al. 2000) . Because of these negative effects, much research has already been carried out on the causes and consequences of biological invasions, and their control (for overviews see e.g. Drake et al. 1989; Williamson 1996; Mack et al. 2000) . However, this work has often been of limited success and revealed our insufficient understanding of population dynamics, ecological interactions among species, and the stability of ecosystems (Gilpin 1990; Lodge 1993; Lonsdale 1999; Sakai et al. 2001) . While most of the previous research has been purely ecological, invasion biologists have recently begun to focus on another potential explanation for the success of invaders: rapid evolutionary change.
Evolution can be rapid and therefore relevant to ecological studies (Thompson 1998) . Invasive species, in particular, might evolve for several reasons: First, there might be evolution by genetic drift and inbreeding in founder populations (Brown and Marshall 1981; Barrett and Husband 1990) . Second, inter-or intraspecific hybridization in the introduced range may create novel genotypes (Ellstrand and Schierenbeck 2000) . Third, invasions into novel environments often involve drastic changes in selection regimes that may cause adaptive evolutionary change (Mooney and Cleland 2001; Sakai et al. 2001 ). Many of the species that become invasive do so after a lag time (Kowarik 1995; Williamson 1996) , perhaps after such evolutionary adjustments have taken place. Because of the unusual combination of genetic bottlenecks and changing selection regimes, invasive species may in fact provide some of the best model systems for studying rapid evolution in action (Thompson 1998; Reznick and Ghalambor 2001; Ha¨n-fling and Kollmann 2002; Lee 2002) .
One hypothesis that has been particularly influential in the context of plant invasions is the Evolution of Increased Competitive Ability (EICA) hypothesis by Blossey and No¨tzold (1995) . Many invasive plants appear to grow more vigorously in their introduced than in their native range (Crawley 1987) . This has commonly been attributed to a release from natural enemies (Maron and Vila`2001; Keane and Crawley 2002) . The EICA hypothesis, in contrast, proposes that after enemy release, plants evolved greater vigour. If there is a trade-off between resource allocation to growth and defence, natural selection should favour less defended but more competitive genotypes in the introduced range (Blossey and No¨tzold 1995) .
Defence and competitive ability are important characteristics of invasive plants, but they are almost certainly not the only ones. While the EICA hypothesis undoubtedly stimulated much of the recent research on evolution in invasive plants, many other hypotheses about evolutionary change in invasive plants are possible (e.g. Baker 1974; Brown and Marshall 1981; Callaway and Ridenour 2004; Mü ller-Scha¨rer and Steinger 2004) . Genetic differentiation in introduced populations may occur in any ecological trait that is beneficial under the novel selection conditions, given that there is genetic variation for it. A straightforward way of testing such hypotheses about adaptive evolutionary change is to compare offspring from native and introduced populations in a common environment. If under identical conditions native and introduced populations differ significantly in the ecological characteristic(s) of interest, then this is evidence for genetic differentiation.
Another avenue of research is the analysis of neutral genetic variation among and between native and introduced populations with DNA markers or allozymes. Molecular markers are important tools in the context of plant invasions, because they provide information about invasion pathways and the amount of genetic variation introduced. After all, the potential for adaptive evolutionary change in an invasive species depends on the amount of genetic variation introduced (Brown and Marshall 1981; Barrett and Husband 1990) . On the other hand, if introduced species are severely genetically impoverished, they may undergo a phase of inbreeding, with a greater likelihood of evolution by genetic drift, before they are able to spread (Barrett and Husband 1990) . Ultimately, therefore, a combination of field, molecular marker, and common garden studies is needed to fully understand evolutionary change in an invasive species. Field comparisons must establish whether there is actually a (phenotypic) pattern of difference between native and introduced populations. Common garden studies can then be used to test whether this observed pattern has a genetic basis, and molecular studies will give an idea of the roles that drift versus adaptive evolution have played in creating this genetic difference.
Here, we review the current empirical evidence for phenotypic and genetic differentiation between native and introduced populations, discuss some of the general methodological problems associated with cross-continental comparisons, and make suggestions for future research.
Literature analysis
In order to review all currently available data about comparisons of native versus introduced plant populations, we carried out an extensive literature search, using databases (Web of Science, Biological Abstracts) and references in published papers. In addition, we included a number of unpublished studies. A study was included if comparisons were made between continents or disjunct areas within continents, and if the data from native and introduced populations were collected by the same author(s) according to the same protocol. Cases of range expansion were not considered. For each species and independent study we created one record, i.e. several data records were possible for the same species, if obtained from different experiments. Only one record was created where several papers had been published using the same data.
We compiled four different data sets: (1) field studies that compared plant sizes, fecundities, herbivore loads or attack rates, or population sizes in the native and introduced range; (2) molecular studies that addressed neutral genetic variation among and between native and introduced populations with DNA markers or allozymes; (3) common garden or greenhouse experiments that compared quantitative traits in offspring from native and introduced populations; (4) experiments that addressed phenotypic plasticity in native versus introduced populations. In the third category, the majority of studies were tests of the EICA hypothesis, i.e. comparisons of plant growth, competitive ability, plant resistance and tolerance. The results of the plasticity studies were presented separately, because they had nothing to do with the EICA hypothesis and in each case additional information was needed about the environmental factors manipulated.
Comparisons of native and introduced populations in the field
We found eleven published studies that compared native and introduced populations in the field (Table 1) . One of these (Fenner and Lee 2001 ) compared herbivore attack rates across continents in 13 different Asteraceae species, so there were 23 independent comparisons in total. The article by Fenner and Lee (2001) provided no statistical comparisons of native and introduced populations. However, it presented the data for each species and population, so we could calculate a Wilcoxon rank sum test for overall difference between native and introduced populations in each species. Out of the six studies that estimated population sizes, three found that populations were larger in the introduced range and three found that they did not differ from native populations. In addition, seven out of nine comparisons of individual plant sizes or fecundities showed that plants performed better in introduced populations, and 8 out of 18 comparisons of herbivore impacts found that there were decreased herbivore loads or attack rates in the invasive range. Except for one study (Vila`et al. 2005) , where in spite of decreased herbivore damage plants from introduced populations were smaller, the opposite results-decreased plant size or increased herbivory in introduced populations-were never found.
Overall, the data from field studies suggest that plants indeed frequently perform better and are less affected by herbivores in the introduced range. This contradicts a recent study by The`baud and Simberloff (2001) who compared plant sizes recorded in European and American floral guides and found no general tendency for plants to be taller in their introduced range. A possible reason for this difference could be that people often ''+'' indicates an increase in the introduced range, relative to the native range, ''À'' a decrease in the introduced range and ''0'' that there was no difference between native and introduced populations n the numbers of native/introduced populations studied NA not available a Only native Georgian populations considered Fenner and Lee (2001) chose to study problematic pest species, such as Lythrum salicaria in North America or Solidago gigantea in Europe, while the study of The´baud and Simberloff (2001) was based on all species listed, including established but inconspicuous ones. The currently existing field data might be a non-random sample out of all introduced species. The majority of the field studies that quantified some aspect of herbivore impact support the idea of an enemy release in introduced populations (Table 1) . The results from cross-continental comparisons are thus in accordance with a recent database study across 473 herbaceous plant species, which showed that plant pathogens are often less diverse in introduced plant populations, and the degree of this loss of pathogens is positively correlated with the invasion status of a species (Mitchell and Power 2003) . So far one study alone has distinguished between specialist and generalist herbivores and found only the specialists to be fewer in the introduced range. It is surprising that not more studies have taken this approach, given the different expectations about specialist and generalist herbivores (Keane and Crawley 2002; Bossdorf et al. 2004b ).
Neutral genetic variation in native versus introduced populations
The data from studies with DNA markers or allozymes must be treated with caution because there were great differences in how genetic diversity and genetic differentiation between populations were calculated. In addition, some studies used both DNA markers and allozymes simultaneously. Therefore, to interpret these heterogeneous data, several measures, such as F-statistics, AMOVA, and simple descriptive statistics, as well as different types of markers, had to be considered together.
We found 13 independent analyses of neutral genetic variation that involved 11 different species (Table 2) . Out of 13 comparisons of within-population genetic diversity, the diversity of introduced populations was reduced in four cases and increased in two cases. It appears therefore that plant invasions are not as frequently associated with overall genetic bottlenecks as previously suggested by some authors (Brown and Marshall 1981; Barrett and Husband 1990) . Genetic differentiation among populations was lower in the introduced range in five out of six studies (Table 2) . Nonetheless, most studies suggest that multiple introductions have occurred. In Rubus alceifolius, single introductions occurred on several Indian Ocean islands on which the species spread by apomixis (Amsellen et al. 2001) . For Senecio inaequidens, there were at least two independent introductions to Europe (Lafuma 2003) . Overall, multiple introductions of invasive plants seem to be the rule rather than the exception and are common particularly in North America.
Molecular markers are important tools in the context of biological invasions because they provide information about pathways of introduction and the amount of genetic variation introduced (Barrett and Shore 1989; Sakai et al. 2001 ). The latter, in particular, influences a species' potential for post-invasion evolution and at the same time the extent to which founder effects may have contributed to evolutionary change. Molecular data are important both for choosing appropriate controls in common garden studies (see below) and for interpreting their results, and should therefore be regarded as complementary to common garden studies. In addition to the studies reviewed here, there are many more published studies that analyzed neutral genetic variation only among introduced populations (e.g. Saltonstall 2003; Walker et al. 2003) . Often they found overall genetic variation to be low, and explained this as due to a genetic bottleneck during introduction. However, without a comparison to native populations one cannot draw a legitimate conclusion about the role of genetic bottlenecks or about pathways of introduction.
Comparisons of quantitative traits in a common environment
We found a total of 45 independent studies that compared quantitative traits in native versus introduced populations of 24 different plant species (Tables 3, 4 ). The most commonly employed methods were common garden experiments (26 comparisons), herbivore bioassays (13 comparisons), and greenhouse experiments (12 comparisons). Many of the studies used more than one method and/or addressed different categories of traits (Table 3 ). The majority of previous studies were tests of the EICA hypothesis that compared growth (36 comparisons) or resistance (22 comparisons) between native and introduced populations. In contrast, only six studies addressed competitive ability and six studies addressed tolerance to herbivory. Increased growth was found in 20 out of 36 studies and decreased resistance was found in 12 out of 22 studies, whereas contradictory results were rare (Table 3) . To date, only 19 studies fully tested the EICA hypothesis by addressing both growth and defence in the same model system. Eight of these found support for EICA, whereas in others the results were ambiguous ( Table 3 ). Note that the decreased growth of Sapium sebiferum in the presence of herbivores from its native range (Siemann and Rogers 2003a ) is consistent with the predictions of EICA and indeed is strong evidence for a role of local herbivore preferences in determining the success of plants from native versus introduced ranges.
The evolution of increased competitive ability (EICA) hypothesis predicts that, when compared to native populations, plants from introduced populations will show increased growth (or competitive ability) and at the same time, decreased resistance to natural enemies (Blossey and No¨tzold 1995) . Here, increased growth was found in 56% of the reviewed studies (9 out of 20 species) and decreased resistance was found in 55% of the reviewed studies (7 out of 14 species), which might be interpreted as overall moderate support for EICA. The picture changes, however, if we consider only the 17 complete tests of the EICA hypothesis. Only seven of these are fully in accordance with the EICA predictions. In the other cases, there is often support for one aspect of the EICA hypothesis, but not for the other.
Previous EICA studies sometimes measured plant growth under conditions in which competitors were absent or suppressed. Growth in the absence of competition might not be an adequate measure of invasiveness if the ability of a plant to rapidly exploit readily available resources is not positively correlated with its ability to tolerate low resource levels relative to native competitors (Grime 1979; Tilman 1982; Goldberg 1996) . Many plants invade natural communities where they experience both intra-and inter-specific competition (e.g. Alliaria petiolata, Hypericum perforatum). In such cases, growth in isolation may not be a reasonable estimate of the plant's invasive potential. It would not be a good predictor for those species that invade manmade, disturbed habitats either (such as Senecio jacobaea, Solidago canadensis) because these often form thick monospecific stands with a high intensity of intraspecific competition. Studies that compared native and introduced populations under competitive conditions found no consistent pattern for plant performance (Table 3) .
Admittedly, a problem with competition experiments is the choice of appropriate competitors. Plants encounter different sets of competitors in their native and introduced ranges and they may be adapted to some extent to their native ones (Callaway and Aschehoug 2000; Hierro et al. 2005) . One solution to this might be intraspecific competition experiments . If interspecific competitors are used, these should be species that actually co-occur with the invasive species in its introduced range. The best, albeit very laborious, solution is to do replicated, reciprocal transplant experiments across continents (Willis and Blossey 1999; Maron et al. 2004 ).
Another limitation of previous studies is that plant defence was often tested in bioassays with generalist herbivores. However, introduced plants are mostly released from specialist herbivores in their introduced range Keane and Crawley 2002) and the EICA hypothesis assumed this in generating its predictions (Blossey and No¨tzold 1995) . Because resistance against specialists and generalists is likely based on different mechanisms (Van der Meijden 1996), studies that address both simultaneously may find different results ). Finally, while plant resistance has previously received much attention, plant tolerance, another important component of plant defence, has not (Mu¨ller-Scha¨rer and Steinger 2004) . Future tests of the EICA hypothesis should be performed more frequently under competitive conditions, i.e. in the presence of either intra-or interspecific competitors, and greater emphasis should be put on resistance to specialist herbivores and plant tolerance.
Overall, most previous studies of quantitative traits in native versus introduced populations demonstrated some sort of genetic divergence between plant popula-tions in the native and the introduced ranges. Rapid evolutionary change therefore appears to be fairly common in plant invasions. In any case, these changes may be a result of adaptive evolution, genetic drift, founder effects or any combination of these causes. Because of a lack of molecular data and incomplete knowledge of source populations, it is often not possible to disentangle these processes.
Phenotypic plasticity in native versus introduced populations
We found ten studies that compared phenotypic plasticity in native versus introduced plant populations (Table 4) . Most of these manipulated light or nutrient availability. In five out of the ten studies, introduced Daehler and Strong (1997) Each line represents an independent experiment ''+'' indicates an increase in the introduced range, relative to the native range, ''À'' a decrease in the invasive range, and ''0'' that there was no difference between native and introduced populations G comparisons of plant growth or fitness in a competition-free environment, Ccomparisons of plant growth or fitness in the presence of intra-or interspecific competitors, R direct comparisons of physical or chemical resistance traits, or indirect estimates of plant resistance through palatability tests or other measures of herbivore preference or performance, T experiments that measured the capacity of plants to compensate for natural or simulated herbivore damage by regrowth and n the numbers of native/invasive populations studied a CG common garden, GR greenhouse, HB herbivore bioassay, SH simulated herbivory b HD herbivore development, HP herbivore preference, PB plant biomass, PF plant fecundity populations were more plastic than native populations (Table 4) . One explanation for this might be that plasticity allows introduced species to naturalize across a range of environments. Plastic, ''general-purpose genotypes'' could have a fitness advantage in founder populations where local adaptation has not occurred yet (Baker 1974; Sexton et al. 2002) , or cannot occur because of a lack of genetic variation. Hence there might have been an evolutionary ''sorting out'' (Mu¨ller-Scha¨-rer and Steinger 2004) of more plastic genotypes. Alternatively, adaptive post-invasion evolution of increased plasticity might have occurred where introduced populations were not genetically impoverished, and sufficient genetic variation for plasticity existed.
Methodological problems
When comparing plant populations from the native and the introduced range, an important question is whether we are comparing the appropriate taxonomic units. Species often vary in their chromosome numbers and in some cases only one ploidy level is invasive (Brown and Marshall 1981; Barrett and Richardson 1986) . For instance, the South African ragwort Senecio inaequidens occurs in diploid and tetraploid populations in its native range, but all introduced European populations are tetraploid (Lafuma et al. 2003) . To investigate evolutionary change during the invasion of this species, comparisons should therefore be restricted to tetraploids. However, if both diploids and tetraploids have been introduced initially, but only the tetraploids became invasive, a comparison between the two types may provide insight into early sorting-out of invasiveness traits that are associated with the level of ploidy. Other examples where only one ploidy level of a species has become invasive include Butomus umbellatus (Eckert et al. 2000) and Centaurea maculosa (Mu¨ller 1989) in North America, and Solidago gigantea (Jakobs et al. 2004) in Europe. A related problem occurs when invaders hybridize, either intraspecifically among formerly distant genotypes or with different species. Many ornamental species have been deliberately crossed and selected to produced a variety of cultivars, some of which have escaped to become invasive (e.g. Mahonia aquifolium). Natural or deliberate hybridization has been recognized as an important component of evolutionary change in introduced plants (Brown and Marshall 1981; Ellstand and Schierenbeck 2000; Milne and Abbott 2000) . However, comparisons between native and introduced populations will obviously make little sense in such cases. Instead, it will be more informative to compare the traits of invasive and non-invasive cultivars or of invasive hybrids and their non-invasive parent species (e.g. Weber and D'Antonio 1998) .
In this review we did not include range expansion, i.e. cases where species spread into novel areas adjacent to the ones already occupied. Although such species are often listed as introduced in many floras, we excluded them because we believe that range expansion does not share some of the unique features of cross-continental introductions. Range expansion is often a natural process. Cross-continental introductions, in contrast, are mostly caused by humans, and they add the important dimension of crossing biogeographic barriers (Mooney and Cleland 2001) . Species introduced to other continents face a novel set of competitors, mutualists, and antagonists with which they have not coevolved (Callaway and Aschehoug 2000), therefore we regard crosscontinental introductions as fundamentally different from range expansions. Comparisons of populations from the centre of a distribution range to those from its margins may provide insights into the nature of plant colonization and adaptation (Durka 1999 ) just as comparisons of mainland and island populations are infor- ''+'' indicates greater plasticity in introduced populations, relative to native populations, ''À'' reduced plasticity in introduced populations, ''0'' that there was no difference between native and introduced populations n the numbers of native/invasive populations studied mative (Husband and Barrett 1991; Cody and Overton 1996) , but we considered them to be outside of the scope of this review. Common garden studies that use seeds from wild populations may provide inaccurate estimates of population differentiation, particularly for early traits, due to environmental maternal effects (Roach and Wulff 1987) . Except for van Kleunen and Schmid (2003) , none of the studies in Tables 3 and 4 controlled for such effects by pre-cultivating plants for one or several generations before the comparisons were made. Some studies did include seed mass or certain parent plant traits as covariates, or used seeds from multiple years or habitats to evaluate non-genetic effects mediated through seed provisioning differences. Still, if there are systematic differences between the native and the introduced range that can be carried over to the next generation via seed quality and cannot be approximated by such methods, this might cause misinterpretation of cross-continental studies.
In general, cross-continental comparisons are strengthened by large samples of native and introduced populations. Sample size should be as high as possible, because it increases statistical power for testing continent effects. Alternatively, if the invasion history of a species is well known, one might study a chronological sequence of introduced populations (Barrett and Shore 1989; Daehler and Strong 1997; Siemann and Rogers 2001) or, if there has been a single introduction only, compare the known founder population to other, younger populations in the introduced range. However, multiple introductions appear to be the rule rather than the exception (Table 2) , so lacking any historical information a large sample size should be the default solution.
Conclusions and directions for future research
The ability of introduced plants to adapt to novel environments is often invoked with little detail on which environmental factors are expected to be novel. Many plants occur in similar climatic and edaphic conditions in their native and introduced ranges (Williamson 1996) , so selection will more likely be exerted by novel competitors, mutualists, or antagonists (but see Maron et al. 2004) . The documentation of such differences in interactions, however, has been very limited so far. For instance, herbivore loads in native and introduced ranges were addressed in only five studies (Table 1) . More comparative field studies are needed to connect genetic differences in the common garden with phenotypic differences and ecological processes in the field.
Until now, alternative explanations for increased vigour in introduced plant populations have received little attention. For instance, many invasive plants have been introduced originally as ornamentals (Mack and Lonsdale 2001) . It is not unlikely that some of them are more vigorous as invaders, when compared to natural populations in the native range, because they have been selected for size by humans (Crawley et al. 1996) . Reduced herbivore resistance-as predicted by the EICA hypothesis-could also be the consequence of a history of insecticide spraying, particularly in invasive agricultural weeds, rather than of a general absence of herbivores. The purging of deleterious recessive alleles in small founder populations may also account at least partly for their success. If small populations are common in early stages of introductions and deleterious recessive alleles that become homozygous mainly account for inbreeding depression, then natural selection can remove these alleles more effectively than in large populations (Lynch and Walsh 1998) . Moreover, population bottlenecks can convert epistatic variation into additive genetic variation and thus increase a population's potential for adaptation (e.g. Fenster et al. 1997; Naciri-Graven and Goudet 2003) . Both of these genetic mechanisms would explain the frequently observed time lag between introduction and spread as well as the subsequent increase in fitness, but they have never been tested explicitly in the context of plant invasions.
While the EICA hypothesis undoubtedly stimulated much of the recent research on evolution in invasive plants, other hypotheses of evolutionary change in invasive plants have been proposed (e.g. Baker 1974; Brown and Marshall 1981; Bossdorf et al. 2004a; Callaway and Ridenour 2004; Mü ller-Scha¨rer and Steinger 2004) . Genetic differentiation in introduced populations may occur for any trait that is favored under the novel selection conditions given that there is genetic variation for it. For instance, Buckley et al. (2003) studied seed size variation in native versus introduced populations of two introduced shrubs. They found that the seeds of Cytisus scoparius were heavier in introduced populations, but that there was no change of seed size in the introduced range of Ulex europaeus. This study has been a valuable step towards a more general approach of testing for evolutionary change in traits commonly associated with weediness (Baker 1965 (Baker , 1974 . Mu¨ller-Scha¨rer and Steinger (2004) proposed an evolutionary change in plant life cycles towards polycarpy in the introduced range, driven by herbivore preference for larger individuals that favours early reproduction and monocarpy. The release from enemies, in turn, may result in a selective advantage of polycarpic genotypes in the introduced range. A trend towards polycarpy has been observed in several introduced plants including Cynoglossum officinale, Senecio jacobaea, and Centaurea stoebe (see Mu¨ller-Scha¨rer and Steinger 2004, and references therein) .
Introduced plants may dominate invaded communities through allelopathic inhibition of competitors (Callaway and Aschehoug 2000; Bais et al. 2003) or through manipulation of the mycorrhizal community and other micro-organisms in the soil. In fact, some introduced species appear to ''cultivate'' a soil community suitable for their own proliferation (Klironomos 2002) . If belowground interactions play a key role in plant invasions, as suggested recently (Klironomos 2002; Reinhart et al. 2003; , there may be the potential for evolutionary change. For instance, Prati and Bossdorf (2004b) investigated allelopathic interactions between native and introduced populations of Alliaria petiolata and two co-occurring Geum species, one from Europe and one from North America. They found that the germination rates of both species were reduced if plants from native Alliaria populations had contaminated the soil with root exudates. However, only the North American Geum species was inhibited when the soil had been contaminated by plants from introduced Alliaria populations. Their results suggested a genetically based change of allelopathic potential in introduced populations of Alliaria petiolata and demonstrated that the importance of allelopathy may depend on the origins of both interacting species. The reversal of relative genotype success in Sapium sebiferum depending on whether herbivores from Asia (native range) were present or absent (Siemann and Rogers 2003a) , also suggests that the identity of species that interact with invasive plants is critical in determining the conditions under which genetic adaptations are likely to enhance invasive success.
